Trophic rewilding involves adding species into ecosystems to restore extinct, top-down interactions, but limited quantitative data have prevented a systematic attempt to quantify its outcomes. Here, we exploit species introductions that have occurred for purposes other than restoration to inform trophic rewilding. We compiled 51 studies with 158 different responses of lower trophic levels to a species introduction that restored an extinct interaction, whether it intended to do so or not. Unintentional introductions were compared with checklists of extinct animals to identify potential analogues. Using the latest meta-analysis techniques, we found that the few cases of intentional rewilding had similar effects to unintentional rewilding, though there were large taxonomic and geographical biases. We also tested predictions from studies on trophic cascades about the factors that should influence rewilding. Unintentional rewilding was stronger where introduced consumers were non-invasive, but there was no effect of time that compared sites differed in introduction status, latitude or coevolution of responses with a taxonomically related analogue. Our study now shows that rewilding can reinstate extinct trophic interactions and highlights remaining data gaps that need closure to restore ecosystems across larger scales than has been previously possible.
Introduction
Few ideas in biology have stirred as much recent controversy with as few data as rewilding [1] [2] [3] . Although many definitions of rewilding exist [4, 5] , perhaps the readiest for research and practice is that of trophic rewilding [6] . Trophic rewilding theoretically involves adding species into ecosystems to restore topdown trophic interactions that can be sustained without continuous human intervention [6] . The keystone impacts of many carnivores and herbivores downwards through food webs have been lost because of human actions, with far-reaching consequences for biodiversity and ecosystem processes [7] [8] [9] [10] . Reversing these impacts through trophic rewilding involves reintroducing species that have recently been locally extirpated, although active management is often required because of space limitations and a lack of native predators. Controversially, trophic rewilding can also involve reintroducing species that disappeared as far back as the Pleistocene and even introducing functional substitutes where the original lineages have gone globally extinct ( [11] , e.g. [12] ). Despite the proliferation of essays and opinion pieces, few studies have measured the feasibility and success of trophic rewilding using empirical data [6, 13, 14] .
Defining an appropriate management goal is a major challenge in quantifying the feasibility and success of trophic rewilding [5] . Historic baselines are one approach for goal setting [15] , but as reference ecosystems can shift over time, a better approach may be to compare interventions against the outcomes that would arise without rewilding [16] . By definition, successful trophic rewilding should involve reducing the total biomass and/or abundance of prey species in the next lower trophic level in the food web as compared with the absence of a species (re)introduction [17] . This change in biomass and/or abundance should release two trophic levels beneath the (re)introduced consumer from top-down control, consistent with a trophic cascade [17, 18] . Some species in the trophic level immediately beneath the (re)introduction may also respond positively because of indirect outcomes of rewilding, such as reduced intraguild competition [10] . Thus, depending on the trophic level that is monitored, success may appear to have a negative or positive effect on population and community dynamics, further complicating the evaluation of management goals. Finally, perhaps the greatest obstacle in assessing the potential of trophic rewilding is that most (re)introduction experiments have been conducted in the past decade [5, 6] . Most learning has instead come from palaeoreconstructions and experiments excluding extant animals [10] . Given these challenges, there is consequently no data-driven synthesis, to our knowledge, of trophic rewilding efforts.
Trophic rewilding experiments have, however, been run unintentionally many times under the guise of species introductions. These introductions have been both deliberate to benefit human interests, such as from biocontrol or increasing food, trade and hunting opportunities, and accidental, including from escaping captivity and hitchhiking with vectors such as people, soils and vehicles [19, 20] . Irrespective of the route, the defining feature of unintentional rewilding is that it restores an extinct top-down trophic interaction without having intended to do so [6, 21] . Unintentional rewilding therefore involves introducing a species that either went locally extinct or acts as an analogue for an extinct functional type. The frequency with which such species introductions have occurred worldwide offers an opportunity to synthesize additional evidence about the factors that influence the success of trophic rewilding [22] .
Invasiveness will be a key determinant of whether species introductions offer an analogy to intentional trophic rewilding. Although many introductions have detrimentally impacted other species [23, 24] , negative impacts on prey and plants at lower trophic levels are entirely predicted by trophic rewilding. Of more importance will be whether species introductions become widespread and/or numerically dominant, defined as invasive irrespective of whether they are native or not [25] . Invasive species have impacts beyond suppressing the abundance or altering the behaviour of the organisms they consume. For example, in New Zealand, the seven species of deer (Cervidae) introduced during the twentieth century share similar diet and habitat use as the extinct avian megafauna [26] . However, deer attain much higher densities and biomass over larger areas than the avian herbivores they replaced, arresting forest and grassland development prematurely compared with the climax communities that historically developed in their absence before megafaunal extinctions [26] . By contrast, large and giant tortoises from the Testudinidae family have been introduced worldwide to restore lost grazing and seed dispersal interactions without necessarily becoming numerically dominant or geographically widespread [27] . Thus, introductions may only be analogous to intentional rewilding where species do not become invasive. Invasive species should generally have stronger effects on lower trophic levels.
Considerable theory predicts that other factors in addition to invasiveness also influence the effects of higher trophic levels downwards through food webs [28] . These factors include many organismal traits and environmental conditions (table 1) . For example, in a meta-analysis of 114 studies, Borer et al. [28] found that trophic cascades onto plant community biomass strengthened as metabolic efficiency increased in herbivores and was generally greater with endotherm predators that had larger metabolic demands. Mathematical modelling of feeding interactions based on physiological demands of differentially sized organisms also predicts that high metabolic efficiency should strengthen trophic cascades from predators to herbivores to plants [34] . Evolutionary history is another important consideration. For example, prey that are co-adapted with the introduced mode of predation may suffer fewer losses than populations exposed to very different predators and selection pressures [35] . This naiveté may partly explain why more evolutionarily distinct species are more negatively affected by introduced predators [36] . Table 1 . Factors influencing variation in trophic rewilding. For each factor, we predicted the change in the strength of a trophic interaction (TI) between two adjacent trophic levels. Interactions could include changes in behaviour, life history (e.g. reproduction, survival), abundance and/or total standing biomass of prey. The list is not meant to be exhaustive.
factor DTI mechanism reference consumer invasiveness numerically dominant and widespread consumers will intake more prey/plants n.a.
consumer body size larger organisms need to consume more biomass [29] consumer richness more intra-trophic-level interactions (e.g. competition, predation)
can reduce prey/plant consumption ( [30] , but see [31] )
consumer foraging efficiency high efficiency will remove more prey/plants [28] prey/plant generation time faster turnover will mitigate losses in population size [28] prey/plant spatial heterogeneity high heterogeneity reduces the search efficiency of consumers [32] prey/plant quantity and quality high quantity and quality can promote consumption rates [18, 33] rstb.royalsocietypublishing.org Phil. Trans. R. Soc. B 373: 20170445
Here, we aimed to inform future trophic rewilding projects by identifying general explanations for why some introductions have stronger effects than others on lower trophic levels. Our approach involved delivering the first meta-analysis of trophic rewilding and identifying the biases in empirical knowledge. We then compared intentional rewilding studies with those where extinct top-down interactions were restored without having intended to do so. Finally, we tested how the effects of unintentional rewilding on lower trophic levels varied with factors such as the focal biome, time and evolutionary history. Using studies that have synthesized evidence around the factors that determine the strength of trophic cascades [28, 37] , we formulated and tested four hypotheses that predicted unintentional rewilding would have stronger effects when:
(i) lower trophic levels had not coevolved with introduced consumers or their close relatives; (ii) introduced consumers were invasive; (iii) sites had greater productivity and/or energy availability and (iv) there was less time for lower trophic levels to compensate for introduced consumers.
Critically, there is no effect size that defines when trophic rewilding has occurred. The effect of trophic rewildingeither unintentional or intentional-should simply be discernible relative to the absence of trophic interactions, allowing us to quantify the associated impacts by drawing on the rich literature comparing areas with and without species introductions. Moreover, our approach forgoes the difficulties in defining absolute restoration success by comparing unintentional and intentional rewilding studies and then separately trying to understand variation within each of these groups.
Methods (a) Data assembly
We used keyword searches from 18 January to 21 February 2018 to identify articles that contained quantitative data on the impacts of (re)introduced primary to tertiary consumers on lower trophic levels. Search terms focused either on identifying intentional rewilding for restoring trophic interactions or introductions of consumers. The exact search terms and databases are given in electronic supplementary material, Text S1. In total, we identified 1169 relevant papers after duplicates were removed.
One of the authors then read the abstract of each paper to identify whether it involved the introduction or reintroduction (hereafter simply 'introduction') of a consumer and contained quantitative data on the responses of lower trophic levels to the species introduction. Typically, this meant that we retained studies that employed animal exclosures or comparisons of invaded versus uninvaded areas/islands and measured the responses of lower trophic levels and soil properties.
There were 191 papers remaining after the initial filtering step that we screened to extract the (i) identity and trophic level of the introduced species; (ii) date of introduction; (iii) geographical coordinates; (iv) study biome; (v) mean, error and sample size associated with responses of lower trophic levels with and without the introduced species; and (vi) time the two treatments differed in introduction status. Studies could have measured different responses at the same trophic level, and we collated all responses that were accessible from raw statistics and display items. Where the same response was measured on different organisms in the same trophic level (e.g. across different plant species), we summed responses and propagated the associated uncertainty into error estimates. We also differentiated between non-native and native responses, and discarded measurements that reported combining the two groups but did not provide separate values. For studies measuring responses across different years, we generally took the last time point, whereas we averaged responses across different seasons, always propagating errors. We excluded temporal comparisons of before and after species introductions, even when studies employed such a design, because differences could be confounded by background successional changes [16] .
We then collated lists of Quaternary animal extinctions from published sources [38 -41] to identify whether studies could be classed as unintentional rewilding, i.e. introducing a species that acts as an analogue for an extinct functional type without having intended to do so [6] . We classed introduced species as potential analogues for an extinct consumer if they occupied a similar ecological role. Evidence for similar roles came from literature searches in Google Scholar for studies on the diet and habitat use of extinct animals, which are summarized in electronic supplementary material, table S1. In practice, this exercise required asking questions such as 'do deer fill the role of moa in New Zealand?' or 'are dingoes like thylacines in Australia?'. We accept that these comparisons are controversial, but we aimed to minimize this by focusing on the trophic interactions that the species introductions provided and their evolutionary history. Although evolutionary isolation may preclude likening introduced species to extinct animals in some parts of the world, even biotas traditionally considered relicts (e.g. New Zealand) have recently been shown to experience ongoing colonization [42] . We also used the extinction information to determine whether lower trophic levels might have coevolved with taxonomically related species to those that were introduced, e.g. the same Order. In total, 51 papers were included in our final dataset with both quantitative data associated with a species introduction and potential analogues identified (electronic supplementary material, table S2 and Data S1).
(b) Effect size calculations
We calculated the effect size associated with each observation i of each response variable within each study using the log response ratio R i [43] . R i was equal to the log of the ratio between the mean response with the species introduction and the mean response without the introduction. Thus, negative R i values indicated a reduction in the response due to the species introduction, such as might be expected for the abundance of the next lowest trophic level, whereas positive values indicated an increased response with a species introduction, such as might be expected for the abundance of two trophic levels beneath the introduction due to a trophic cascade. This interpretation of effects was inappropriate for a handful of responses associated with vigilance time, stress hormones and zoochory dispersal distance (n ¼ 11 of 158 in our dataset). We took the inverse of the response ratios in these cases to ensure consistency in the direction of effects, i.e. increased response due to species introduction. Variances V i for each R i were calculated by summing the squared standard deviation (SD) divided by product between the sample size and mean response for each treatment after Gurevitch et al. [43] . For the three studies without corresponding error estimates (n ¼ 4 response observations), we imputed variances after Hedges & Olkin [44] from R i and sample sizes. We used meta-regression to compare the effects of intentional and unintentional trophic rewilding and test our study hypotheses. This approach involved assuming that R i was sampled with error from a normal distribution centred on a 'true' but unobserved effect size u i and SD equal to the square root of the pooled variances [45] . We could then sample u i from a normal distribution described by an estimated SD s and estimated mean that we related to our variables of interest. These variables included the following:
(1) The j number of trophic levels between the introduced species and the response t j[i] (0, 1, 2 or 3). For responses that were 0 or 1 trophic level beneath the introduced species, we also considered whether these were indirect interactions rather than direct consumption, such as arising from reduced intraguild competition or changes in bottom-up processes associated with the main cascade (i.e. 'knock-on' effects, [18] [47] . (7) Log study duration d i , which assessed the time that the two treatments have differed in introduction status.
We also accounted for variation in effect sizes from repeatedly observing the same k studies s k[i] and l study biomes b l[i] , some of which were overly represented in the dataset. Finally, we accounted for random variation among the m types of response measurements r m[i] that were categorized as related to either biomass, life history (e.g. reproduction, dispersal, survival), behaviour (e.g. feeding and escape rates), species richness or ecosystem processes and services. The importance of topdown trophic interactions for the last two responses has only recently been appreciated [7, 48] . Moreover, r m[i] allowed some response types to show opposite effects from those of biomass, such as if herbivory and predation increased richness of lower trophic levels.
We expected different signs for the effects associated with the number of trophic levels between the introduced species and the response t j [i] . This expectation comes from trophic cascade theory because consumers should reduce the next lowest trophic level in the food web (i.e. negative R i with t 1 ) and release two trophic levels down from predation (i.e. positive R i with t 2 ). Any predictor of trophic interactions should subsequently maintain the different signs of the t j[i] categories either by dampening or heightening their effects on R i . For example, shorter studies might increase R i when the introduced consumer is one trophic level above the response and decrease R i when it is two trophic levels 
where b 1 -b 6 were separately estimated effects that heightened or dampened the effects of trophic level differences on R i , the j values of t j were each separately estimated effects that described average effects of trophic level differences on R i , b 7 -b 12 accounted for variation in R i due to study characteristics, o, s, b and r parameters were each sampled from zero-mean normal distributions with separately estimated SDs, and 1 i was estimated normally distributed error. The formulation meant that it was straightforward to determine when t j[i] was unmodified, as the predictors would be 0 and the exponent would simplify to 1.
We simultaneously fitted our model to all observations of unintentional and intentional rewilding. For the latter, 18 of the 19 observations involved a one-trophic-level difference between the introduced species and the response, so we dropped the one extraneous measurement from the analysis. We did so because we wanted to estimate separate effects for t j[i] with intentional rewilding as compared with unintentional rewilding and could not do so with a single observation.
(d) Model estimation
We fitted equation (2.1) to our data using Hamiltonian Monte Carlo sampling by calling Stan v.2.16 from R v. 3.4 [49] . Full details are given in electronic supplementary material, text S2, and model code is given in Data S2. To infer effects, we calculated posterior means and 95% credible intervals (CIs) for each parameter by drawing a subset of 800 simulations. We did not reject hypotheses if 95% CIs for associated effects excluded 0. All covariates were standardized to a common scale with a mean of 0 and SD of 1 to compare the relative importance of different effects.
Finally, we tested for bias in the estimated effect sizes using residuals from our meta-regression model. Results from studies with a small sample size will have lower precision (i.e. reciprocal of the SD) and thus relatively more variation in their effects. Consequently, in the absence of bias, the spread in effect sizes should decrease with increasing precision. Selection biases (e.g. smaller studies with no statistically significant effect remaining unpublished), 'true' heterogeneity between studies (e.g. if studies estimate different underlying effects) and other irregularities can result in deviations from this pattern [50] , and we tested for such biases by modelling weighted residuals as a linear function of the associated precision [51] . Bias was inferred if the resulting intercept excluded zero [52] .
Results (a) Geographical, taxonomic and publication biases
Our final database showed strong geographical and taxonomic biases (figure 1). We amassed 158 observations from six studies of intentional trophic rewilding and 45 rstb.royalsocietypublishing.org Phil. Trans. R. Soc. B 373: 20170445 studies of unintentional rewilding. Most (78%) of these observations came from the Southern Hemisphere (figure 1a), corresponding to the biomass (i.e. height, abundance, cover, density) and life history (e.g. reproduction, dispersal, survival) of lower trophic levels (42% and 25% of all observations, respectively), with relatively fewer observations (less than or equal to 10%) monitoring species richness and behavioural responses (figure 1b). Data mostly (61%) were recorded in temperate forests and woodlands, with no other biome represented by more than 11% of the observations (figure 1c). Responses were mostly measured one trophic level beneath the (re)introduced species (65%), with fewer observations between two and three trophic levels (18% and 10%, respectively), and were evenly split among introductions of carnivores (32%), herbivores (35%) and omnivores (33%). The introduced species were overwhelmingly mammals (88%), with the remaining observations involving reptiles (figure 1a). Modelled effect sizes showed no evidence of bias (95% CI for intercept: 20.18 to 0.13; electronic supplementary material, figure S1 ). Overall, our metaregression model fitted the data reasonably well (95% CI for Bayesian R 2 : 0.65-0.81; electronic supplementary material, figure S2 ).
(b) Are species introductions a form of unintentional rewilding?
Unintentional rewilding had similar effects on lower trophic levels as the few cases where introductions were intended to restore top-down interactions (figure 2), suggesting that it could be used to understand the factors that generally influence trophic rewilding. Responses that were one trophic level beneath introduced species-all cases of intentional rewilding in our dataset-were reduced, on average, by 79% (95% CI: 24 to 99%) by unintentional rewilding as compared with 77% (95% CI: 13 to 99%) for intentional rewilding. There was no difference between these two values (95% CI for difference: 263 to 61%).
(c) How do the effects of unintentional rewilding vary across trophic levels?
Unintentional rewilding had effects consistent with those of trophic cascades. In addition to the strong negative effect on the next lowest trophic level (figure 2), we found that responses were positive when they were measured two trophic levels beneath the introduced species (figure 3; 95% CI for effect on R i : 0.02-0.92). There was no effect at either rstb.royalsocietypublishing.org Phil. Trans. R. Soc. B 373: 20170445 the same trophic level (95% CI: 24.09 to 3.59) or three levels lower (95% CI: 23.06 to 3.15), which entirely comprised measurements of ecosystem processes, e.g. soil nutrients (figure 3). We found support only for the prediction that the invasive status of introduced species influences the responses of different trophic levels to rewilding. The effect of the number of trophic levels between the response and introduced species on the response ratios was surprisingly dampened in the presence of invasive species (95% CI for b 2 in equation (2.1): 26.02 to 20.91). For example, an invasive species that was not introduced for rewilding managed to reduce responses in the next lowest trophic level by a mean of only 5% (95% CI: 0.2 to 57%) as compared with 79% (95% CI: 24 to 99%) by a non-invasive species. Coevolution of a response with a similar Order as an extinct species, study duration, indirect interactions, net primary productivity and absolute latitude all had no effect on the response ratios either individually or by changing how they varied at different trophic levels beneath the introduced species (electronic supplementary material, table S3). Repeating our analysis with coevolution measured at the Family level did not change our results (electronic supplementary material, table S4). Similarly, dietary breadth, biome, response type and study explained about two to eight times less variation in response ratios, on average, as compared with the residual error, suggesting that they were of little importance, and only study identity weakly influenced how the response ratios varied across different trophic levels (electronic supplementary material, table S3 and figure S3 ).
Discussion
With this year marking the 20th anniversary of the term rewilding entering the conservation lexicon [53] , there remain few empirical data about its outcomes. This knowledge gap has restricted efforts to advance the practice of rewilding and incorporate it into policy [5] . Here, we found that unintentional rewilding influenced lower trophic levels similarly to where top-down trophic interactions were intentionally restored. Our analysis also showed that most quantitative measurements of intentional rewilding have focused on the introduction of tortoises on oceanic islands, highlighting incompleteness in our understanding. Nonetheless, our study offers a new perspective on the few cases of intentional rewilding by synthesizing their effects alongside species introductions that have occurred over large spatio-temporal scales, charting a course to inform interventions across more ambitious taxonomic and spatial scales.
(a) Why do the effects of rewilding vary? Lessons for intentional introductions
The many studies of unintentional rewilding allowed us to explore the factors that might influence the responses of lower trophic levels to intentional rewilding with larger datasets than would otherwise be possible. In doing so, we found that introduced species that were invasive had smaller effects on lower trophic levels, contrary to our initial hypothesis. We offer three potential explanations for this result. First, most species classed as invasive in our dataset (e.g. Rattus spp. and Vulpes vulpes) have broad diets that include omnivory and scavenging as compared with the species that were not classified as invasive (e.g. Bos taurus). Trophic cascades are predicted to be weaker in such cases because interactions among trophic levels are more diffuse [54, 55] . Although we did not find a separate effect of dietary breadth, our classification could have been too coarse to detect such differences. Second, most of the invasive species were mesopredators as compared with the non-invasive species that were mostly large herbivores or modern apex predators (e.g. Canis lupus). Relatively few individuals of an apex predator are sufficient to trigger strong responses across multiple trophic levels [7] . For example, the trophic cascades facilitated by wolves on Isle Royale, USA, were attributed to just two or three packs [56] . Similar outcomes have been reported over the considerably larger Yellowstone National Park [57] . Therefore, numerical abundance may be a poorer predictor of rewilding outcomes than trophic position. Additionally, high competition among mesopredators, as well as their control by extant apex predators [58, 59] , may limit their effects on lower trophic levels. Finally, the effect of invasiveness may reflect biases in our data. Nearly 45% of the responses to invasive species were associated with biomass, behaviour and ecosystem processes as compared with 15% for the non-invasive responses. These response types had relatively weaker effects (electronic supplementary material, figure S3 ). Importantly, our finding that invasive species caused relatively weaker trophic cascades should not be interpreted as supporting the view that they do not merit control. Although some invasive consumers can eventually fill an important ecological role in their communities (e.g. dingoes in Australia), they have many undesirable effects, such as displacing competitors [59] , and our analysis ignores the identity of their prey, such as if they are critically endangered [36] . The lack of support for our other hypotheses was consistent with effects observed elsewhere. First, we found no support for the prediction that sites with greater productivity and/or energy availability would have stronger responses to rewilding. Borer et al. [27] similarly found no effect of plant standing crop or nutrient fertilization on the strength of trophic cascades across 45 studies of aquatic and terrestrial ecosystems. One explanation is that prey/plants are better defended in more resource-rich environments, offsetting any effect of greater consumption. For example, plant defences have been reported to increase nearer the Tropics [60] . Latitudinal defence gradients are less studied in animals, but some work suggests that predators may be more selective with respect to anti-predator adaptations in more energetically favourable environments [61] . A related explanation is that predation can alleviate competitive exclusion in resource-rich environments, thereby offsetting any direct negative effects on lower trophic levels [62] . Large herbivores can instead have more negative effects in low productivity environments [62, 63] . Second, we found no evidence that shorter studies respond more strongly to species introductions. While raw response ratios were negatively correlated with the amount of time that treatments differed in introduction status (weighted Pearson's r ¼ 20.58), as reported in a synthesis of plant biomass responses to large mammalian herbivores [64] , there was no discernible effect in our metaregression model. Others have similarly found that raw correlations disappear when accounting for predictors such as biome type or response generation time [28, 37] . This finding suggests that long timescales (i.e. years) may not necessarily be required to observe an effect of trophic rewilding. Finally, the lack of an effect of coevolution with a taxonomically related species may be unsurprising because trophic interactions ultimately depend upon function. In some cases, such as a niche space with a limited number of dimensions, species can converge towards similar functions despite being distantly related. For example, canids and the marsupial thylacine (Thylacinus cynocephalus) are morphologically and ecologically similar despite last sharing a common ancestor over 160 Ma [65] (electronic supplementary material, table S1).
(b) Show me the data: empirical gaps that need closure
The field of rewilding is arguably caught in a circle: it needs empirical evidence to convince decision makers that it will not have unintended consequences, but it cannot gather those data without being implemented. Most intentional rewilding studies have thus been restricted in scale and focused on animals that pose relatively little potential economic and cultural conflict (after [66] ). Rather than continue to repeat the call for more experimental evidence [6, 13, 14] , our study narrows the geographical and taxonomic gaps in quantitative data that need to be closed by future research. South America may be a particularly important area to focus upon. It had disproportionately more Late Quaternary extinctions associated with human impacts than elsewhere [67, 68] , and many are still ongoing [8, 69] . There are also few quantitative data associated with rewilding in South America, particularly from biodiverse eastern regions (figure 1), which are highly suitable for rewilding with low risk solutions (e.g. [70] ). Partly, this gap may have arisen because relevant studies were published in non-English-language journals and missed by our literature search. Finally, much of what we can learn from unintentional rewilding comes from the Southern Hemisphere, mirroring geographical patterns in global species transport [20] , and suggesting there may be opportunities to measure impacts elsewhere.
An additional bias that may arise in rewilding studies is the focus on species-level cascades that involve a subset of taxa in lower trophic levels rather than community-level cascades that influence aggregate properties of entire systems [18] . Top-down control of aggregate responses may be harder to detect if there are compensatory trade-offs between species at lower trophic levels, such as in biomass [54, 71] . We dealt with this by aggregating observations at the community-level, where possible, and separating response types associated with species-level measures, such as behaviour, from more community-centric responses, such as richness and biomass. Future rewilding studies should bear in mind these different scales of trophic responses when measuring outcomes.
(c) Conclusions: moving beyond the frontiers of rewilding Controversial or not, rewilding is already happening. Our work reveals that species introductions for purposes other than rewilding can restore trophic interactions and offer a rich evidence base about what interventions work. Certainly, some cases of unintentional rewilding have been disasters for the conservation of endemic wildlife, such as the introduction of mammalian predators on insular oceanic islands [36] . Care therefore needs to be taken in balancing restoration with other conservation goals. Palaeoecological data will be particularly invaluable in helping to identify opportunities for rewilding by reconstructing known diets and interaction networks of extinct species (e.g. [72] ), so as to avoid unwanted consequences.
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